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Abstract—The aim of this investigation was to find patterns in aquatic invertebrate community composition that are related to the
effects of pesticides. Investigations were carried out in 20 central European streams. To reduce the site-specific variation of community
descriptors due to environmental factors other than pesticides, species were classified and grouped according to their vulnerability
to pesticides. They were classified as species at risk (SPEAR) and species not at risk (SPEnotAR). Ecological traits used to define
these groups were sensitivity to toxicants, generation time, migration ability, and presence of aquatic stages during time of maximum
pesticide application. Results showed that measured pesticide concentrations of 1 : 10 of the acute 48-h median lethal concentration
(LC50) of Daphnia magna led to a short- and long-term reduction of abundance and number of SPEAR and a corresponding
increase in SPEnotAR. Concentrations of 1 : 100 of the acute 48-h LC50 of D. magna correlated with a long-term change of
community composition. However, number and abundance of SPEAR in disturbed stream sections are increased greatly when
undisturbed stream sections are present in upstream reaches. This positive influence compensated for the negative effect of high
concentrations of pesticides through recolonization. The results emphasize the importance of considering ecological traits and
recolonization processes on the landscape level for ecotoxicological risk assessment.

Keywords—Field effect Pesticides Recovery Cumulative risk assessment

INTRODUCTION

The European Union uniform principles for the assessment
of pesticides require that if the preliminary risk characteriza-
tion indicates potential concerns, registration cannot be granted
unless it can be demonstrated that ‘‘under field conditions no
unacceptable impact on the viability of exposed organisms
occurs.’’ To date, such assessments have been made by con-
ducting higher-tier studies, which have included a range of
laboratory and semifield experiments. Therefore, it still is not
clear to what extent pesticides change population dynamics
and community structures in the field. Recently, some studies
have quantified pesticide exposure, adverse effects on aquatic
life, and recovery of these invertebrate communities in the
field. Mortality of six mayfly species in an Australian river
was linked to endosulfan contamination due to runoff [1].
Other investigations also found a link between mortality of
invertebrate species and insecticide concentrations in streams
[2,3]. Several invertebrate species that declined in abundance
due to pesticides were found to recover within a year [2].
Nevertheless, most existing studies lack sufficient numbers of
investigations in various streams to evaluate the frequency of
potentially harmful events in a specific region, evaluation of
long-term effects on invertebrate communities, and quantifi-
cation of the recovery of impacted communities due to re-
colonization from undisturbed stream sections. The inclusion
of habitat quality may put the risks resulting from contami-
nation in context with other stressors.

According to these open questions, the aim of the present
investigation was to find patterns in community composition
that were related to the effect of pesticides. It is challenging
in field investigations to reveal the importance of a specific
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environmental factor, because other environmental factors may
mask possible effects. Therefore, to tackle this problem a new
approach that aims at reducing variability in community char-
acterization is presented.

METHODS

Study area

The study area is located around Braunschweig, Lower Sax-
ony, Germany. The dominant land use is agricultural (field
61%, forest 34%, pasture 5%; Fig. 1). The most common crops
in the catchments are sugar beets, winter barley, and winter
wheat. The investigation was carried out in an area where sites
had a risk of runoff ranging from very low (level 0) to high
(level 5), on a scale ranging from level 0 to level 6 (very high),
defined for German agricultural areas [4].

Description of streams

Twenty sites, located on first-order streams, were selected
to match the following requirements: All-year water flow; no
dredging in the years before and during the investigation; no
pollution from other than agricultural nonpoint sources; var-
ious pesticide loads, stemming from differences in the per-
centage of adjacent arable land. Nine streams were monitored
for one year; six streams were monitored for two years; and
five streams were monitored for three years (11 sites in 1998,
11 sites in 1999, and 14 sites in 2000). The streams investigated
for three years spanned the entire range of measured toxicity.
Data on streams that were investigated for several years were
pooled to avoid temporal pseudoreplication. Physical and
chemical standard parameters were measured monthly in April
(period before the application of insecticides), May, and June.
Oxygen, pH, and temperature were recorded with instruments
made by WTW (Weilheim, Germany). Concentrations of ni-
trate, nitrite, ammonium, and phosphate were determined in
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Fig. 1. Stream network, land-use pattern, and distribution of the sampling sites located around Braunschweig, Lower Saxony, Germany.
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the field with colorimetric tests by Visicolort (Macher-
ey&Nagel, Düren, Germany). Detection limits were 5.0, 0.005,
0.025, and 0.25 mg/L, respectively. During April, May, and
June 1998, the concentrations of suspended particles were es-
timated weekly at nine sites using sediment traps [5]. Stream
width was measured at each location at mean water level. The
biological oxygen demand was measured once during mid-
March, because during this time oxygen depletion might occur
due to field applications of liquid manure. However, appli-
cation of liquid manure was not observed in any of the in-
vestigated catchments. We investigated in-stream structure and
channel alteration of sites by visually estimating the percentage
of various substrates and macrophytes in a 50-m reach within
the stream on the base of the German classification system of
morphological structure [6] (Table 1). Stream sections up- and
downstream of the investigated sites that were bordered by
forest or meadows at least 50 m wide on both sides were
identified using geographic information system maps. The
length of these stream sections and the distances from the
investigated sites yielded estimates of the potential for in-
stream recolonization by invertebrates. No correlation between
any of the investigated parameters with the measured toxicity
was observed. Hence, the description of sites in Table 1 is an
average of all sites.

Quantification of pesticides

The study sites did not receive point-source inputs of pes-
ticide residues. Therefore, we assumed that pesticide peak con-
centrations in the streams we studied were due to runoff-in-
duced inputs via nonpoint sources, and that these inputs were
the dominant source of exposure to pesticides [7]. We used
two event-controlled runoff sampling systems to characterize
the exposures. One system was an automated active sampler
that measured conductivity and water level in the stream con-
tinuously. Samples of 500 ml were obtained every 8 min for
1 h (pooled) when runoff was indicated by a decline in con-
ductivity of more than 10% within 10 min, or if water level
increased by $5 cm [8]. The samples were prefiltered (0.2
mm) and pumped under high pressure (6 bar) on-site through
a C18 column (Bakerbond, Baker, Hannover, Germany). The
second system consisted of two passive samplers. Each of these
was a 1-L bottle mounted in the stream. Rising water level
triggered sampling, and the bottles then filled through a thin
(5-mm diameter) glass tube, 10 cm in length. The glass tubes
of the samplers were positioned 5 and 10 cm above medium
water level. The water samples collected by these devices were
prefiltered (0.2 mm) and processed by solid-phase extraction
with C18 columns in the laboratory. Both sampling systems
were checked every week from April to July, the period before
and during the most toxic pesticides (insecticides) are used
and detectable in this area [5,8].

Selection of analyzed pesticides was done on the base of
use information provided by the local agricultural advisory
board (Pflanzenschutzamt, Hamburg, Germany). Analyzed
pesticides are listed in Table 1. Pesticide measurements were
made with a gas chromatograph (GC)/electron capture detector
(GC NP 5990, Series II; Hewlett-Packard, Avondale, PA,
USA). The values were confirmed with GC/mass spectrometry
(negative chemical ionization, a Varian 3400 GC [Walnut
Creek, CA, USA]). The GC/mass spectrometry was fitted with
an HP 7673 autosampler, which directly was capillary-coupled
to the quadruple mass spectrometer SSQ 700 (Finnigan, Bre-
men, Germany), with a quantification limit of 0.05 mg/L. The

results obtained from the two sampling systems did not differ
significantly, so the data were pooled by sampling method.
Data on the measured pesticide concentrations are summarized
in Table 1 and 2.

Derivation of the index of toxicity

To compare the toxicity of pesticides present during runoff
events in the different streams, toxic units (TU) were calculated
from the measured concentrations [9]. The TU values for each
compound were based on the acute (48-h) LC50 of D. magna
(Eqn. 1, below; from Tomlin [10]):

TU 5 log (C /LC50 )(D. magna) i i (1)

where TU(D. magna) is the toxic unit of the pesticide i, with the
highest TU(D. magna) for one runoff event; Ci 5 the concentration
(mg/L) of the respective pesticide i; and LC50i 5 the corre-
sponding LC50 (48 h) of D. magna exposed to substance i
(mg/L).

A TU value of 25 was assigned for the two sites where
no pesticides were found. For additional calculations, the high-
est calculated TU(D. magna) based on the measurements of pes-
ticides at one site was used. We also evaluated the possibility
of adding all pesticides detected in one runoff event, and add-
ing all pesticides detected in one year. We used TU(D. magna)

calculated with the highest TU(D. magna) for one substance, be-
cause this was the most basic assumption. This method also
yielded slightly higher correlations between TU values and
community endpoints, compared to correlation values com-
puted with TU values calculated using methods adding all
pesticides detected in one runoff event or adding all pesticides
detected in one year.

Macroinvertebrate sampling

Invertebrates were collected three times per year (April,
May, June) from 1998 to 2000, with a Surber sampler (area,
0.062 m2; 1-mm mesh). On each sampling date, four samples
were taken randomly over a stream length of 50 m. Macro-
invertebrates were sorted in white plastic tubs, preserved in
70% EtOH, and identified to species level except for dipterans,
which were identified to family. Earlier investigations showed
that the highest concentrations of the most toxic insecticides
in the investigated area occurred during May and, to a lesser
extent, in June [2,8]. Hence, our April surveys occurred before
the main period of contamination and were regarded to rep-
resent possible long-term effects of pesticides from the pre-
vious year. Similarly, the May surveys occurred when pesticide
levels were highest, so the May and June surveys represent
possible short-term effects of pesticides from the same year.

Species at risk

Site-specific combinations of environmental factors result-
ed in a unique composition of species at each site, masking
the effect of individual environmental factors. In our inves-
tigation, this difficulty was reduced by grouping species ac-
cording to their sensitivity to pesticides [11] and their life-
cycle traits that are known to influence recovery from toxicant
effects [12,13]. The sensitivity to organic toxicants was as-
signed on the basis of the classification of [14] and its revision
by [11]. Species with a value .20.36 (median of sensitivity,
from Von der Ohe et al. [11]) were regarded as sensitive. Three
main life-cycle traits were used. These traits were generation
time, migration ability, and presence of sensitive aquatic stages
during the time of maximum exposure to pesticides. Gener-
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Table 1. Mean 6 standard deviation (SD), minimum, and maximum of environmental parameters at 20
sites in streams during April to July, 1998 to 2000

Parameter (units) Mean 6 SD Min. Max.

Physical
Width (m)a

Depth (m)a

Current (m/s)a

Temperature (8C)a

Suspended particles (ml/week)b

1.30
0.16
0.17

13.3
161

60.44
60.10
60.09
63.0

669

0.50
0.04
0.02
3.5

77

2.50
0.60
0.50

19.5
294

Catchment area (km2)c

Gradient of streams (%)
Forest, length upstream (m)c

Forest, distance upstream (m)c

12.6
4.4

730
2,640

64.9
61.9

6800
62,300

6.0
2.1
0
0

20.4
8.1

3,300
5,300d

Streambed substrate
Cobble (%)a

Gravel (%)a

Sand (%)a

Silt (%)a

2
5

24
55

67
610
637
646

0
0
0
0

30
40

100
100

Streambed cover
Allochton leaves (%)a

Submersed plants (%)a

Emerged plants (%)a

Filamentous algae (%)a

20
8
5
1

628
611
69
64

0
0
0
0

100
50
65
25

Water quality—standard
Oxygen (mg/L)a

pHa

Nitrate (mg/L)a

Nitrite (mg/L)a

10.2
7.9
3.4
0.15

62.2
60.34
69.2
60.13

3.4
6.8
0.5
0.01

13.8
8.6

47.5
0.80

Ammonium (mg/L)a

Ortho-phosphate (mg/L)a
0.07
0.19

60.21
60.13

0.00
0.00

1.75
0.60

Insecticides
Beta-cyfluthrin (mg/L)a

Cypermethrin (mg/L)a

Es-fenvalerate (mg/L)a

Lambda-cyhalothrin (mg/L)a

NDe

ND
ND
ND

Lindane (mg/L)a

Parathion-ethyl (mg/L)a

Pirimicarb (mg/L)a

0.25
0.24
ND

60.07
60.12

ND
ND

0.3
0.5

Fungicides
Kresoxim-methyl (mg/L)f

Epoxiconazol (mg/L)f

Azoxystrobin (mg/L)f

0.41
0.40
0.46

60.49
60.69
61.31

ND
ND
ND

2.9
5.6

11.1
Propiconazol (mg/L)f

Fenpropimorph (mg/L)f

Tebuconazol (mg/L)f

0.60
0.20
0.56

60.34
60.14
61.74

ND
ND
ND

0.8
0.4
9.1

Herbicides
Bifenox (mg/L)f

Chloridazon (mg/L)f

Ethofumesat (mg/L)f

Isoproturon (mg/L)f

0.27
5.63
8.66
0.62

60.14
612.12
623.35
60.67

ND
ND
ND
ND

0.5
33

129
2.6

Metamitron (mg/L)f

Metribuzin (mg/L)f

Pendimethalin (mg/L)f

Prosulfocarb (mg/L)f

1.18
0.27
0.40
0.35

62.08
60.33
60.00
60.39

ND
ND
ND
ND

9.3
1.2
0.4
1.0

TU(D. magna)
g 22.52 61.46 25.00 20.70

a Measured monthly.
b Measured at nine sites.
c Measured once.
d Distances to forested stream sections greater than 6,000 m were not taken into account.
e ND 5 not detected.
f Measured event controlled.
g TU 5 toxic units.

ation time $ 0.5/year was regarded as potentially sensitive
due to a slow recovery potential [12,13,15]. If no data on
generation time could be found for a species, we assigned it
the value for its closest relative. Low migration ability was

presumed to reflect reduced potential for recolonization. Spe-
cies regarded as being not at risk due to their better ability to
migrate included Gammarus pulex, Limnephilus lunatus, and
Anabolia nervosa [16]. Species for which adults emerged be-
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Table 2. Short-term peak concentrations of pesticides in streams during runoff events. Only concentrations
with a toxicity of TU(D. magna) . 22.5 are shown. TU 5 toxic units; LC50 5 median lethal concentration

Site Date Compound LC50D. magna

Concn.
(mg/L) TU(D. magna)

1
1
1
2
3

03-05-98
02-06-98
14-07-98
03-05-98
24-05-00

Parathion-ethyl
Parathion-ethyl
Parathion-ethyl
Parathion-ethyl
Parathion-ethyl

2.5
2.5
2.5
2.5
2.5

0.5
0.3
0.3
0.3
0.3

20.70
20.92
20.92
20.92
20.92

4
1
5
2
5

03-05-98
23-05-00
19-07-98
03-05-98
12-05-99

Parathion-ethyl
Parathion-ethyl
Parathion-ethyl
Parathion-ethyl
Azoxystrobin

2.5
2.5
2.5
2.5

259

0.2
0.2
0.2
0.2

11.1

21.10
21.10
21.10
21.10
21.37

1
6
7
7
8

30-05-98
24-05-00
12-05-99
12-05-99
15-06-00

Parathion-ethyl
Parathion-ethyl
Kresoxim-methyl
Azoxystrobin
Azoxystrobin

2.5
2.5

168
259
259

0.1
0.05
2.9
3.8
3.8

21.40
21.70
21.81
21.83
22.02

9
10
7
2
7

14-06-99
15-06-00
05-07-99
12-05-99
03-06-98

Ethofumesat
Azoxystrobin
Azoxystrobin
Kresoxim-methyl
Azoxystrobin

13,500
259
259
168
259

129
2.1
2.0
1.0
1.3

22.02
22.09
22.11
22.27
22.30

1
2
2
7

30-05-98
02-06-98
27-05-98
03-06-98

Kresoxim-methyl
Kresoxim-methyl
Kresoxim-methyl
Kresoxim-methyl

168
168
168
168

0.9
0.9
0.8
0.7

22.32
22.32
22.37
22.42

7
7
1
2

14-06-98
27-05-98
23-05-98
24-06-98

Kresoxim-methyl
Kresoxim-methyl
Kresoxim-methyl
Kresoxim-methyl

168
168
168
168

0.7
0.6
0.6
0.6

22.42
22.49
22.49
22.49

fore May (before the time of maximum pesticide application)
were regarded as insensitive, because exposure to aquatic stag-
es would not occur. This categorization was made based on
best professional judgment. The three traits were combined
with the Boolean ‘‘and’’ in our literature searches. Only if all
three traits were present did we consider a species to have a
potential sensitivity to pesticides; the species was then re-
garded as a species at risk of being affected by pesticides. All
life-cycle traits used as SPEAR attributes were obtained from
the literature, including online sources (http://www.ent3.orst.
edu/StreamEcology/database/streamlife.htm) [17–25]. All
classifications followed the definitions listed in Table 3.

Community endpoints

The following endpoints for the invertebrate communities
were calculated: Species number, or the mean number of spe-
cies found on the three sampling dates during one year. The
index of diversity and evenness is calculated according to
Shannon-Wiener. The SPEAR(number), or the number of species
at risk, is calculated according to the definition given above.
Accordingly, the number of species not at risk is termed
SPEnotAR(number). The abundance of species at risk, the
SPEAR(abundance), is calculated as the sum of the log abundance
of each species. The index Percent-SPEAR(abundance) is the ratio
of the abundance of species at risk compared to the abundance
of all species. Temporal change of community endpoints was
assessed from April to May, and from April to June, based on
the concept of SPEAR.

Statistical analyses

For multivariate linear regressions, data normality was de-
termined with the Kolmogoroff-Smirnoff test. Where signifi-
cant deviation from the assumption of normality occurred, the

data were transformed. Equality of variances was verified using
Levene’s homogeneity-of-variance test. Environmental factors
were not intercorrelated with TU(D. magna) (linear regression, p
. 0.05). Statistical procedures used were: Stepwise entering
of variables (criteria: Probability of F to enter # 0.05, prob-
ability of F to remove $ 0.10), adjusted r2. Differences be-
tween groups of sites with different TU(D. magna) were investi-
gated using one-way analysis of variance (ANOVA). Dunnett’s
multiple comparison test was used to detect significant dif-
ferences among means. Differences between slopes of regres-
sion lines of sites with and without forested stream sections
(covariate) were identified using analysis of covariance. Mul-
tivariate linear regressions were carried out with SPSSt 11 for
Macintosht (Chicago, IL, USA). Both ANOVA and analysis
of covariance were carried out with Prismt for Macintosh
(GraphPad Software, San Diego, CA, USA).

RESULTS

Environmental conditions

During the investigation period (1.8 years per site), pesti-
cides were detected in 125 runoff events at 18 of the 20 sites.
Runoff events with a toxicity .22.5 occurred between May
and July; most of the contaminated-runoff events occurred in
May (57%), followed by June (32%), and July (11%). In April,
no runoff events with a TU above 23 were detected. The four
pesticides contributing the most to the TUs (TU[D. magna]) were
parathion-ethyl, azoxystrobin, kresoxim-methyl, and ethofu-
mesat (Table 2). The TU(D. magna) varied between sites, but 40%
of the between-year variance among sites that were investi-
gated more than one year was explained by the value measured
in one year (linear regression of TU(D. magna) of yearn with
yearn11; r2 5 0.40, p , 0.01).

The morphological diversity of the streams was poor be-
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cause streambeds contained a large percentage of fine sub-
strates and the amount of plants or organic debris was slight
in most cases. According to the German classification system
for assessing stream morphology, the sites were classified as
strong and heavily modified [6]. Based on the morphological
and standard water quality parameters, the sites in the area of
Braunschweig were typical of those for small lowland streams
[26]. The physical and chemical characteristics of the streams
are summarized in Table 1.

Correlating environmental parameters and community
descriptors

The measure for toxic stress of pesticides TU(D. magna) best
described the variance of community descriptors related to
SPEAR (Table 4). In general, the number and abundance of
SPEAR correlated negatively with TU(D. magna). In contrast, the
average number and abundance of species not at risk
(SPEnotAR) did not correlate with toxic stress. Other param-
eters contributing to the variability of SPEAR are length of
forested stream sections, type of substrate, and coverage with
submersed plants (Table 4).

The two subdivisions of the SPEAR parameter, the sensi-
tivity of species to pesticides and life-cycle traits influencing
the recovery potential (generation time, migration ability),
contributed about equally to the correlation of abundance of
SPEAR with toxic stress. On average, 57% (p , 0.01) of the
explained variance was accounted for by species sensitivity,
and 44% (p , 0.01) of the explained variance was accounted
for by life-cycle traits related to recovery potential.

Threshold of community response to toxic stress

To determine the TU(D. magna) at which a change in com-
munity structure became apparent, the most-sensitive endpoint
was used (SPEAR[abundance]—June), compared to the abundance
of all species in June (Table 4). This ratio indicated a significant
change in community structure compared to sites with a low
TU(D. magna) (i.e., ,24), relative to sites in the range of 23 to
22 TU and higher (Fig. 2; ANOVA, Dunnett’s multiple com-
parison test, p , 0.01). The total number and the total abun-
dance of SPEAR in April showed a dependence on TU(D. magna)

also, but to a lesser extent (ANOVA, Dunnett’s multiple com-
parison test). Then, significant differences between sites with
a TU ,24 compared to sites with a TU in the range of 23
to 22, 22 to 21, and 21 to 0 were indicated by p-values of
, 0.01, , 0.05, and , 0.01, respectively.

The sensitivity of species and the life-cycle traits contrib-
uted about equally to the reduced proportion of SPEAR at
toxic stress. The number of sensitive species and the number
of species with a low recovery potential according their life-
cycle traits were reduced substantially at TU(D. magna) from 23
and higher (ANOVA; Dunnett’s multiple comparison test, p
, 0.01).

Temporal changes in community structure

The abundance of SPEAR decreased from April until May
at sites with values of TU(D. magna) exceeding 22 to 21, com-
pared to sites where TU(D. magna) values were below 24 (Fig.
3). Furthermore, an increase in abundance of SPEnotAR oc-
curred from April until June at sites where TU(D. magna)-values
were greater than 23 to 22, compared to the sites where
TU(D. magna)-values were below 24 (Fig. 4).

Contribution of uncontaminated stream sections to
recovery

The presence of forested stream sections .200 m in length
and ,4,000 m upstream of the investigated sites had a strong
influence on the intercept and slope of the correlation between
TU(D. magna) and SPEAR in April. When forested stream sections
were present, the numbers of SPEAR tended to be greater. At
the same time, the reduction of SPEAR was increasing

The TU(D. magna) was greater than at sites without forested
stream sections (analysis of covariance, p , 0.05). However,
the positive influence of forested stream sections upstream of
the investigated sites compensated the negative effect of high
TU(D. magna) on SPEAR. Indeed, sites with TU .22 and forested
stream sections contained a number and abundance of SPEAR
similar to those at sites with TU , 23 without forested stream
sections (Fig. 5). The described differences of sites with and
without forested stream sections were apparent only in April,
the time period before the highest toxic units have been mea-
sured. The differences of sites with and without forested stream
sections were not detectable in June, the time period directly
after the highest toxic units have been measured.

DISCUSSION

Finding patterns in community composition

The aim of the present investigation was to find patterns
in community composition that are related to the effect of
pesticides. However, as is well known, it is very difficult to
determine the importance of a specific environmental factor
in field investigations that involve different sites. Each site
has a unique combination of environmental factors and, thus,
a unique composition of species. This situation obscures the
effect of any particular environmental factor. In the present
investigation, we reduced this problem by grouping species
according to their sensitivity to pesticides [11] and life-cycle
traits known to influence recovery from toxicant stress [12,13].
The approach of grouping species at risk has the advantage of
reducing the variability of the site-specific community char-
acterization, and increasing the ability to detect the effect of
pesticides on community composition at low toxic units (TU
22 to 23), values that are equivalent to ,1/100 of the 48-h
LC50(D. magna) (Table 4, Fig. 2). However, the SPEAR approach
also has some disadvantages. For example, because species-
level data are aggregated according to sensitivity and life-cycle
traits related to recovery, the effect of a pesticide cannot be
assigned to any particular species or taxon.

Temporal changes in community structure: Reduction in
SPEAR

Sites characterized by high TUs (between 21 and 0 based
on the 48-h LC50[D. magna]) showed a 75% reduction of SPEAR
from April to May, when the highest concentrations of pes-
ticides were measured (Fig. 3). Other investigations of streams
in agricultural areas also reported that pesticides from surface
runoff can cause acute mortality of benthic invertebrates when
they reach the range of the 48-h LC50(D. magna). For example,
mortality of the amphipod G. pulex occurred at 26.8 mg/L
Carbofuran, a level that is 2.5 times lower than the 48-h
LC50(D. magna) [27]. Other examples include the amphipod G.
pulex and the caddisfly L. lunatus, which suffered mortality
at 6.0 mg/L Parathion-ethyl (3.3 times above the 48-h
LC50[D. magna]) [2]. Similarly, the dipteran Chironomus spp. had
greater mortality at 0.7 mg/L Azinphos-methyl (3.6 times be-
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Table 4. Coefficients of multiple determination (r2) and standardized partial regression coefficients (beta; p , 0.05*, p , 0.01**, optimized
model) for correlations between environmental parameters and community metrics for 20 sites in streams during April to June, 1998 to 2000.a

All parameters not shown, but described in the Methods section, were minimally important in terms of explaining investigated community
endpoints

Environmental parameter

r2

(Sum) df F
Toxic unit

(m)
Forest length

(%)
Hard substrate

(%)
Sand
(%)

Submerse
plants (%)

Species number—average
Diversity—average

0.49
0.28

17
18

10.0
8.2

20.45*
—

10.44*
10.56

—
—

—
—

—
—

SPEAR(number)—averageb

SPEAR(number)—April
SPEAR(number)—June

0.72
0.81
0.49

17
15
18

25.2
18.0
19.0

20.72**
20.50**
20.72**

10.28*
10.28*

—

—
10.32*

—

—
—
—

—
10.33**

—

SPEAR(abund)—averagec

SPEAR(abund)—April
SPEAR(abund)—June

0.60
0.69
0.53

18
16
18

29.5
15.2
22.6

20.79**
20.53**
20.75**

—
—
—

—
10.43**

—

—
—
—

—
10.30*

—

% SPEAR(abund)—average
% SPEAR(abund)—April
% SPEAR(abund)—June

0.62
0.57
0.60

18
17
18

31.6
13.5
29.1

20.80**
20.56**
20.79**

—
10.37*

—

—
—
—

—
—
—

—
—
—

SPEnotAR(abund)—averaged

SPEnotAR(abund)—June/April
0.26
0.46

18
17

7.6
17.3

—
10.70**

—
—

—
—

20.55**
—

—
—

a Included in the table are parameters that account for at least 25% of the explained variance for the most relevant parameter, and adding at least
7.5% of explained variance for all successive parameters.

b SPEAR 5 species at risk.
c SPEARabund 5 species at risk abundance.
d SPEnotAR 5 species not at risk.

Fig. 2. Relation between toxic units(Daphnia magna) and the benthic in-
vertebrate community structure expressed as percentage of the abun-
dance of species at risk in June (percent SPEAR(abundance)—June). As-
terisks indicate significant differences from the sites with low
TU(D. magna) (i.e., those below 24; analysis of variance, Dunnett’s mul-
tiple comparison test, **p , 0.01). Error bars show standard devia-
tions.

Fig. 3. Decrease of abundance of species at risk (SPEAR), from April
to May. Asterisks indicate significant differences from the sites with
low toxic unit(D. magna) (i.e., those below 24; analysis of variance, Dun-
nett’s multiple comparison test, *p , 0.05). Error bars show standard
deviations.

low the 48-h LC50[D. magna]) [28]. The present investigation also
revealed a 60% reduction in SPEAR from April to May, when
TUs were between 21 and 22. At that time, pesticide con-
centrations were about ten times lower than the 48-h
LC50(D. magna) (Fig. 3). This finding may be explained by the
fact that long-term effects of non-narcotic substances can occur
at concentrations that are ten times lower than concentrations
needed to cause acute (48-h) effects [29].

No indication was found in the present investigation that
parameters other than pesticides (e.g., hydrodynamic stress,
water quality parameters, etc.) might be responsible for the
observed short-term reduction of sensitive species. In agri-
cultural areas, hydrodynamic stress in streams due to increased

current velocity and suspended particles during runoff events
can occur frequently throughout the year [8]. Hence, this
stressor probably is not responsible for the short-term reduc-
tion of individuals that occurred only during May. Further-
more, in another investigation involving year-long sampling,
the only significant reduction in invertebrate taxonomic rich-
ness and abundance was found in May, when the highest pes-
ticide concentrations were measured [2]. Concentrations of
nitrite and ammonia high enough to cause toxicity also would
not be restricted to May. Rather, maximum concentrations of
these constituents should occur either near the beginning of
the growing season (due to application of fertilizer or manure
from animals), or during late summer (due to elevated tem-
perature and low water levels) [30,31]. The emergence of
SPEAR during May probably does not contribute much to the
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Fig. 4. Increase of abundance in species not at risk (SPEnotAR), from
April to June. Asterisks indicate significant differences from the sites
with low toxic units(D. magna) (i.e., below 24; analysis of variance, Dun-
nett’s multiple comparison test, *p , 0.05, **p , 0.01). Error bars
show standard deviations.

Fig. 5. Relation between toxic units(Daphnia magna) and the number of
species at risk in April (SPEAR(number)—April). Sites are differentiated
on the presence of forested stream sections closer than 4,000 m up-
stream of the study site (filled circles; linear regression, r2 5 0.70, p
, 0.01) or absence of such sites (open circles; linear regression, r2

5 0.70, p 5 0.01). Confidence bands show the 95% confidence limit
for the respective means. The slopes of the two regression lines differ
(analysis of covariance, p , 0.05).

reduction of abundance at sites where TU levels are high, as
abundance of SPEAR in stream benthic invertebrate com-
munities at sites where TU levels were low did not change
during May. Based on these considerations, the authors suggest
that the short-term changes in SPEAR during May are best
attributed to pesticides. If so, acute and chronic laboratory
toxicity data for D. magna can provide an indication of the
magnitude of concentrations at which pesticides cause a re-
duction in sensitive indigenous invertebrates.

Temporal changes in community structure: Alteration of
SPEnotAR and long-term changes

Sites characterized by low TUs (below 23, based on the
48-h LC50[D. magna]) showed a 60% reduction of SPEnotAR be-
tween April and June (Fig. 4). This reduction was not observed

at sites where TU values were high (above the range of 23
and 22). This pattern could result from an indirect positive
effect of pesticides on SPEnotAR due to negative effects of
pesticides on sensitive species. Such negative effects might
occur within the range of lethal effects (TU[D. magna] 2 2 to 0)
and sublethal effects (TU[D. magna] 23 to 22) [32]. We did not
investigate sublethal effects in this study. However, previous
investigations support the idea that short-term exposure to con-
centrations that are more than 100 times lower than concen-
tration causing acute mortality can cause long-term effects.
For example, development of the caddisfly L. lunatus was
delayed in outdoor microcosms several months after a 1-h
exposure to Fenvalerate at 1:1000 of the acute LC50 [33].
Similarly, an increase in mortality, a decrease in adult weight,
and a delay in development of the caddisfly L. lunatus were
observed in outdoor microcosms several months after a 1-h
exposure to Fenvalerate at concentrations that were 1:100, 1:
1000, and 1:10,000 of the acute LC50 [34]. Finally, mortality
of Chironomidae and Hyalella azteca increased in littoral en-
closures several weeks after short-term exposure to Es-Fen-
valerate at a concentration that was 1:100 of the acute LC50
[35]. Such investigations show that low concentrations of pes-
ticides (TU[D. magna] 23 to 22) may affect the taxonomic struc-
ture of benthic invertebrate communities, as indicated by the
proportion of SPEAR in the current study.

Factors other than pesticides did not appear to be respon-
sible for the observed long-term reduction of SPEAR. Hydro-
dynamic stress accompanying runoff, like other recurrent
stressors, might favor species that have a high recovery po-
tential due to a short generation time and good migration abil-
ity. So, the long-term reduction in SPEAR partly might be due
to hydrodynamic stress. However, the affected taxa include
those with a low recovery potential and species that are sen-
sitive to toxicants, and no evidence suggests that the latter
group especially is vulnerable to hydrodynamic stress. Thus,
pesticides, rather than hydrodynamic stress, seem more likely
to account for the observed reduction in sensitive species, even
though they were present at low concentrations. The same logic
applies to the rare events of dredging (not observed in the
years before and during the investigation). Suspended particles
also probably can be ruled out as causal factors. The results
of experiments indicate that, compared to pesticides, sus-
pended particles may not be very important to benthic inver-
tebrates that dominate streams in agricultural areas. For ex-
ample, the addition of suspended particles to experimental
stream ecosystems in amounts up to 1.7 g/L did not alter the
abundance or number of species of benthic invertebrates, or
the rate of aquatic insect emergence, or the rate of leaf-litter
decomposition [36]. The long-term survival of the caddisfly
L. lunatus in outdoor test systems was not reduced by sus-
pended particles (3 g/L), compared to controls [34,37]. The 3
g/L concentration of suspended particles in the cited investi-
gations can be regarded as relevant to agricultural streams [8].
Finally, nitrite and ammonia probably cannot account for the
change in SPEAR, because the concentrations of these con-
stituents were lower than those that can be tolerated by most
invertebrates. For example, G. pulex is relatively sensitive to
ammonia, nitrite, and other types of organic pollution [38,39],
but was abundant in our study, especially at sites with pesticide
concentrations were highest. In contrast, Asellus aquaticus is
more resistant than G. pulex to hypoxia and to un-ionized
ammonia [39–41], but is classified as sensitive to pesticides
in the present investigation.



964 Environ. Toxicol. Chem. 24, 2005 M. Liess and P.C. Von Der Ohe

Based on these considerations, the observed changes in
SPEAR may be attributed most parsimoniously to the effect
of pesticides. Factors other than pesticides clearly can influ-
ence benthic invertebrate community structure (and probably
SPEAR), too, but we found no evidence that this occurred at
the sites we studied. However, because the levels of contam-
ination may have been quantified insufficiently, it remains un-
certain at which concentration these changes occur.

Contribution of uncontaminated stream sections to
recovery

In June, the correlation between community composition
(SPEAR) and TUs was stronger than it was in April (Table
4). However, numbers of benthic invertebrate SPEAR in June
were not altered significantly by the amount of forested stream
sections. In contrast, the length of forested stream sections
upstream of the investigated site did relate significantly to the
number and proportion of SPEAR in April. The positive effect
of upstream-forested stream sections on SPEAR at the down-
stream sites was not due to lower concentrations of contam-
inants at the downstream sites, because the correlation between
contamination at the investigated sites and length of forested
stream sections was not significant. Their relatively large dis-
tance from the study sites (several km, for many of the forested
stream sections) may explain the lack of a measurable influence
on physical and chemical parameters measured at the sites. On
the basis of this result, we suggest that the positive effect of
forested stream sections on SPEAR at downstream sites can
be attributed to in-stream recolonization by invertebrates from
the undisturbed stream sections where diversity is greater. This
hypothesis is supported by the fact that forested stream sections
had a positive effect on SPEAR only in April, 10 months after
the time when pesticide concentrations were greatest. The pos-
itive effect of forested stream sections was not apparent in
June, immediately after the period when pesticide concentra-
tions were highest. Any water quality parameter that would
have been ameliorated by forested stream sections should have
exerted a positive influence in June, as well. In contrast, a
positive effect of recolonization from forested stream sections
likely is greatest in April, when more time for recolonization
was available.

This hypothesis is supported by the fact, that in lotic hab-
itats, passive dispersal of invertebrates by water currents or
downstream drift can displace from 1% to 2% of benthic
stream organisms. Drift is the most common means of transport
for many stream invertebrates [42]. Various species of inver-
tebrates emigrating from undisturbed stream sections can trav-
el several km, by drifting, within a few months [43]. However,
dispersal ability is species-dependent, and a more detailed
evaluation would be needed to determine the particular re-
quirements of species with very low dispersal abilities [44].

Cumulative risk

Including proximity and amount of uncontaminated stream
sections in our habitat-quality assessments helped reveal the
effects of pesticides. However, they also allowed us to put
risks due to contamination into context with other stressors.
The levels of biological impairment observed at sites with high
concentrations of pesticides and good habitat quality (indexed
as undisturbed upstream sections) were similar to those at sites
where pesticide concentrations were low but habitat quality
was poor. For the streams we studied, habitat quality seemed
about as important as toxicity, expressed as TU. Thus, land-

scape and land-use information may increase predictability in
the assessment of risk due to pesticides. For streams, we sug-
gest that the geographical unit of assessment should be ex-
tended to include the recovery potential of the landscape as-
sociated with undisturbed upstream sections.
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